Wetland and Hydric Soils by Trettin, Carl C. et al.
Michigan Technological University 
Digital Commons @ Michigan Tech 
Michigan Tech Publications 
9-3-2020 
Wetland and Hydric Soils 
Carl C. Trettin 
U.S. Department of Agriculture 
Randall K. Kolka 
U.S. Department of Agriculture 
Anne S. Marsh 
U.S. Department of Agriculture 
Sheel Bansal 
U.S. Geological Survey 
Erik A. Lilleskov 
U.S. Department of Agriculture 
See next page for additional authors 
Follow this and additional works at: https://digitalcommons.mtu.edu/michigantech-p 
 Part of the Forest Sciences Commons 
Recommended Citation 
Trettin, C. C., Kolka, R. K., Marsh, A. S., Bansal, S., Lilleskov, E. A., Chimner, R., & et al. (2020). Wetland and 
Hydric Soils. Forest and Rangeland Soils of the United States Under Changing Conditions, 99-126. 
http://doi.org/https://doi.org/10.1007/978-3-030-45216-2_6 
Retrieved from: https://digitalcommons.mtu.edu/michigantech-p/14690 
Follow this and additional works at: https://digitalcommons.mtu.edu/michigantech-p 
 Part of the Forest Sciences Commons 
Authors 
Carl C. Trettin, Randall K. Kolka, Anne S. Marsh, Sheel Bansal, Erik A. Lilleskov, Rodney Chimner, and et al. 
This book chapter is available at Digital Commons @ Michigan Tech: https://digitalcommons.mtu.edu/michigantech-
p/14690 
99© The Author(s) 2020
R. V. Pouyat et al. (eds.), Forest and Rangeland Soils of the United States Under Changing Conditions, 
https://doi.org/10.1007/978-3-030-45216-2_6
Wetland and Hydric Soils
Carl C. Trettin, Randall K. Kolka, Anne S. Marsh, 
Sheel Bansal, Erik A. Lilleskov, Patrick Megonigal, 
Marla J. Stelk, Graeme Lockaby, David V. D’Amore, 
Richard A. MacKenzie, Brian Tangen, Rodney Chimner, 
and James Gries
 Introduction
Soil and the inherent biogeochemical processes in wetlands 
contrast starkly with those in upland forests and rangelands. The 
differences stem from extended periods of anoxia, or the lack of 
oxygen in the soil, that characterize wetland soils; in contrast, 
upland soils are nearly always oxic. As a result, wetland soil 
biogeochemistry is characterized by anaerobic processes, and 
wetland vegetation exhibits specific adaptations to grow under 
these conditions. However, many wetlands may also have peri-
ods during the year where the soils are unsaturated and aerated. 
This fluctuation between aerated and nonaerated soil condi-
tions, along with the specialized vegetation, gives rise to a wide 
variety of highly valued ecosystem services.
Wetlands were once considered unproductive lands that 
were a barrier to agricultural, transportation, and urban devel-
opment. As a result, approximately 53% of the wetlands in the 
conterminous United States have been converted to other land 
uses over the past 150 years (Dahl 1990). Most of those losses 
are due to draining and conversion to agriculture. States in the 
Midwest such as Iowa, Illinois, Missouri, Ohio, and Indiana 
have lost more than 85% of their original wetlands, and 
California has lost 96% of its wetlands. In the mid-1900s, the 
importance of wetlands in the landscape started to be under-
stood, and wetlands are now recognized for their inherent 
value that is realized through the myriad of ecosystem ser-
vices, including storage of water to mitigate flooding, filtering 
water of pollutants and sediment, storing and sequestering car-
bon (C), providing critical habitat for wildlife, and recreation.
Historically, drainage of wetlands for agricultural devel-
opment has been the largest threat to wetlands. While con-
version to agriculture still persists, currently the primary 
threat is from urbanization (US EPA 2016). The current rate 
of wetland loss is approximately 23 times less than historic 
C. C. Trettin (*) 
U.S. Department of Agriculture, Forest Service, Southern Research 
Station, Cordesville, SC, USA
e-mail: Carl.trettin@usda.gov 
R. K. Kolka 
U.S. Department of Agriculture, Forest Service, Northern Research 
Station, Center for Research on Ecosystem Change,  
Grand Rapids, MN, USA 
A. S. Marsh 
U.S. Department of Agriculture, Forest Service, Research and 
Development, Bioclimatology and Climate Change Research, 
Washington, DC, USA 
S. Bansal 
U.S. Geological Survey, Jamestown, ND, USA 
E. A. Lilleskov 
U.S. Department of Agriculture, Forest Service, Northern Research 
Station, Climate, Fire and Carbon Cycle Sciences,  
Houghton, MI, USA 
P. Megonigal 
Smithsonian Institute, Smithsonian Environmental Research 
Center, Edgewater, MD, USA 
M. J. Stelk 
Association of State Wetland Managers, Windham, ME, USA 
G. Lockaby 
School of Forestry & Wildlife, Auburn University,  
Auburn, AL, USA 
D. V. D’Amore 
U.S. Department of Agriculture, Forest Service, Pacific Northwest 
Research Station, Juneau, AK, USA 
R. A. MacKenzie 
U.S. Department of Agriculture, Forest Service, Pacific Southwest 
Research Station, Institute of Pacific Islands Forestry,  
Hilo, HI, USA 
B. Tangen 
U.S. Geological Survey, Northern Prairie Wildlife Research 
Center, Lincoln, NE, USA 
R. Chimner 
School of Forest Resources and Environmental Science, Michigan 
Technological University, Houghton, MI, USA 
J. Gries 




rates, with wetland restoration and creation nearly offsetting 
current losses (US FWS 2011). Changes in precipitation pat-
terns and extreme events may affect wetlands, especially 
those with perched water tables and those along the coast 
(Amatya et al. 2016). The combination of warming tempera-
tures and variable precipitation, most notably lower precipi-
tation, may lead to the drying of wetlands, which could 
dramatically change vegetation communities and soil pro-
cesses and reduce the ability of wetlands to sustain valued 
ecosystem services.
 Goods and Services Derived from Wetlands
In addition to basic ecosystem functions, wetlands also pro-
vide valued goods and services (Sarukhán et al. 2005). Those 
benefits depend on factors such as hydrology, vegetation, 
soils, and the condition of the wetland, as well as the position 
of the wetland within the landscape (Brander et  al. 2006; 
Woodward and Wui 2001). De Groot and others (2012) esti-
mated the mean global value of coastal and inland wetlands 
at $193,845 ha−1 year–1 and $25,682 ha–1 year–1, respectively. 
Higher inland wetland values were found in areas with high 
gross domestic product and population density, indicating a 
particular demand for services in these areas. Many values 
are external to markets and are considered a public good that 
cannot be traded; however, C storage is a service that has 
been commoditized. Soils are integral to the provision of 
ecosystem services, and hence, the derived value. Water sup-
ply, water quality, habitat, and provision of goods are major 
ecosystem services that are sensitive to soils and soil 
processes.
 Water Storage and Supply
The geographic setting of the wetland and soil type affect 
water storage, flood control, and mediation of water supply. 
Riverine wetlands can store floodwaters temporarily, which 
lessens streamflow to downstream areas and reduces flood 
events (Hey et al. 2002). Wetland vegetation intercepts and 
slows water flowing through the wetland and takes up water 
through transpiration (Vepraskas and Craft 2016). In coastal 
areas, wetland vegetation can dissipate wave energy from 
major storm events (e.g., hurricanes, tsunamis) and, in the 
case of mangroves (Avicennia spp.), protect against wind 
damage during storms (Das and Crepin 2013; Gedan et al. 
2011; Koch et al. 2009; Spaulding et al. 2014). It is estimated 
that because of wetlands, as much as $625 million in dam-
ages were avoided during Hurricane Sandy (Narayan et al. 
2017). In addition, wetlands connected to groundwater may 
recharge or discharge critical water resources, a particularly 
important function in wetlands in dry regions with limited 
surface water connectivity (Van der Kamp and Hayashi 
1998).
 Water Quality
Eutrophication is the over-enrichment of water by nutrients 
and other pollutants that can result in excessive algal blooms. 
Because wetlands have both anaerobic and aerobic biogeo-
chemical soil processes, they can be effective at ameliorating 
nutrient runoff, thereby reducing the risk of eutrophication 
(Hemond and Beniot 1988; Johnston et al. 1990). Microbial- 
mediated processes are the principal mechanism affecting 
nutrients and pollutants in runoff. Plant structures such as 
stems, roots, or trunks provide structural support for 
microbes, and direct uptake by vegetation is also a mecha-
nism affecting nutrient and pollutant removal (Furukawa 
et al. 1997; Gosselink and Turner 1978). Removal of exces-
sive nitrogen (N) is particularly important since it is a com-
mon constituent in runoff from agriculture and urban lands. 
As nitrate, N can be removed through denitrification;  the 
microbial transformation to N gas (Reddy et  al. 1989). In 
contrast, phosphate may be complexed to iron and aluminum 
minerals by chemical reactions (Smil 2000). Suspended sed-
iment particles in water flowing through wetlands settle out 
of the water column as water flow slows, and these sediments 
are then trapped by plant stems, roots, and trunks (Furukawa 
et al. 1997; Gosselink and Turner 1978). The water purifica-
tion processes of wetlands have been engineered into con-
structed wetlands that are used to treat municipal wastewater 
(Kadlec and Wallace 2009; Vymazal 2011).
 Carbon
Wetland soils are a natural sink for C, and per unit area they 
store much more C than upland soils. This is especially true 
for organic soils that globally store approximately 30% of 
soil C on approximately 3% of the land area (Page et  al. 
2011). Similarly, mangroves can store three to five times 
more C than temperate or tropical forest soils (Alongi 2014; 
Donato et al. 2012). Accordingly, the value of wetlands for C 
storage, and thus climate change mitigation, is widely recog-
nized. The ability of wetlands to store large amounts of soil 
C is due in part to high plant productivity that removes car-
bon dioxide (CO2) from the atmosphere (Kolka et al. 2018; 
Nahlik and Fennessy 2016; Schuur et  al. 2015; Windham- 
Myers et al. 2018) and the decomposition of plant matter that 
is hindered by the lack of oxygen, which results in the accu-
mulation of organic C (Mcleod et al. 2011). In some fresh-
water wetlands, the production of methane (CH4) and nitrous 
oxide (N2O), two gases with a greater greenhouse gas warm-
ing potential than CO2, can partially or fully offset this cli-
mate mitigation capacity (Bridgham et al. 2013; Mitsch et al. 
2013; Neubauer 2014; Smith et al. 2003).
 Wildlife Habitat
Wetlands support almost half of the threatened and endan-
gered species in the United States, as well as commercially 
valuable species of fish and shellfish, and mammals trapped 
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for pelts (Flynn 1996; Niering 1988). Wetland soils provide 
important habitat for benthic algae and invertebrates that are 
an important food resource for many resident and migratory 
birds and fish (Currin et  al. 1995; MacKenzie 2005; 
MacKenzie and Dionne 2008; MacKenzie et al. 2015). Other 
wetland species that feed on wetland soil resources are val-
ued for recreational purposes (Bergstrom et al. 1990; Creel 
and Loomis 1992; Jenkins et  al. 2010). For example, the 
Prairie Pothole Region, which extends across the northern 
Great Plains into Canada, provides breeding habitat for 
50–80% of waterfowl in North America (Batt et al. 1989). 
Wetlands are particularly popular locations for fishing, bird- 
watching, and hunting. Because of their open spaces and 
natural vegetation, wetlands are also often valued for their 
aesthetics, which can increase nearby property values (Doss 
and Taff 1996; Frey et al. 2013; Mahan et al. 2000).
 Commodities
Wetlands provide marketable goods. Wetland soils can be 
highly productive for agriculture and silviculture, but the 
intensity of management may affect other ecosystem ser-
vices, and excessive drainage can result in wetland loss 
(Dahl 2011). In the United States, approximately 6500 km2 
of organic soil wetlands are being used for crop production 
(ICF International 2013). Intensive silviculture in wetlands 
is most common in the southeastern United States, where 
species such as loblolly pine (Pinus taeda), cypress 
(Taxodium spp.), and black gum (Nyssa sylvatica) are har-
vested for lumber, mulch, pulpwood, and other purposes 
(Beauchamp 1996; Wear and Greis 2002). Forested wetlands 
are also managed in the Great Lakes region, and wetlands 
support commercial and recreational fisheries, including 
both fish and shellfish (Feierabend and Zelazny 1987; Lellis- 
Dibble et al. 2008).
 Objective and Scope
In this chapter, we consider organic and mineral soil wet-
lands in the United States and its Island Territories that are 
forested or nonforested in tidal and nontidal settings. This 
chapter does not consider constructed wetlands (e.g., waste-
water treatment systems or stormwater detention basins) or 
lakes and rivers. We synthesize the state of wetland soil sci-
ence relative to ecosystem functions that regulate valued 
ecosystem services. We build on volumes dedicated to wet-
lands (e.g., Mitsch and Gosselink 2015) and wetland soils 
(e.g., Richardson and Vepraskas 2001) to assess the role of 
soils in wetland processes and to identify information and 
tools to address threats posed to the sustainability of ecosys-
tem services provided by wetlands. Because wetlands are so 
different from upland forests and rangelands, a background 
on wetland ecology and biology is needed to provide context 
for understanding the role of wetland soils in ecosystem ser-
vices and their socioeconomic values.
 Wetland Soil Types
In the United States, wetlands are defined on the basis of 
hydrology, soil properties, and composition of the vegeta-
tion. Specifically wetlands are lands that have a hydrologic 
regime where the site is either flooded permanently, periodi-
cally during the year, or the water table is at the soil surface 
during the growing season, the soils are hydric, and the veg-
etation is dominated by plants adapted for living in saturated 
soil conditions (US EPA 2015). Although the regulatory defi-
nition of wetlands by the US Army Corps of Engineers has 
regional variants,1 the requirement for hydric soils is consis-
tent across the country. Hydric soils are defined as those 
“formed under conditions of saturation, flooding, or ponding 
long enough during the growing season to develop anaerobic 
conditions in the upper part” (Federal Register 13 July 1994). 
The USDA Natural Resources Conservation Service (hereaf-
ter, NRCS) maintains the list of hydric soils in the United 
States2, along with characteristics of their physical and 
chemical properties, and soil surveys show the spatial distri-
bution of hydric soils.
For consideration here, hydric soils may be categorized as 
either mineral or organic (Fig. 6.1). This distinction reflects 
conditions associated with the hydrogeomorphic setting and 
vegetation, which influences soil properties and processes. 
Accordingly, we consider mineral and organic soils sepa-
rately. Hydric mineral soils occur in each of the soil taxo-
nomic orders; in contrast, organic soils are represented by 
the Histosol order, which represents soils with a thick 
(>40 cm) accumulation of organic matter on top of mineral 
sediments or rock (Vasilas et al. 2016). Most of these soils 
within the Histosol order are formed under anoxic conditions 
(e.g., peat soils), but some soils form under aerated condi-
tions, and hence they are not wetland soils and are distinctly 
recognized (e.g., suborder Folists) and not considered here. 
Histosols are also termed peatlands in the international lit-
erature, but the required thickness of the organic layer varies 
among countries. Mineral soils may also have a thin (<40 cm) 
accumulation of organic materials on the surface; when the 
organic layer is 15–40 cm thick, the soils are histic-mineral 
soils (Trettin and Jurgensen 2003).
1 For regional supplements of the wetland definition, see https://www.
usace.army.mil/Missions/Civil-Works/Regulatory-Program-and-
Permits/reg_supp/.
2 For a list and description of hydric soils in the United States, see 
https://www.nrcs.usda.gov/wps/portal/nrcs/main/soils/use/hydric/.
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 Tidal and Nontidal Wetlands
The hydrologic regime of wetlands controls the anaerobic 
conditions in the soil, which are requisite for wetland bio-
geochemical functions. Nontidal wetlands are regulated by 
freshwater hydrology, with the source of the water being 
either precipitation or groundwater. These wetlands occur 
across a broad range of geomorphic surfaces from the tropics 
to the arctic. Correspondingly, the hydrologic regime is 
influenced by landscape position and climate, with the period 
of saturation varying from a few weeks to continuous. The 
National Wetlands Inventory classifies these nontidal fresh-
water wetlands into the Palustrine category, which does not 
convey information about the soil.
Tidal wetlands are those that have a hydrologic setting that 
is mediated by a combination of tidal waters, groundwater, 
and precipitation. Tidally influenced wetlands may occur in 
either marine or freshwater settings. The freshwater tidal 
zone occurs in low-gradient landscapes that have a large tidal 
amplitude, whereby the freshwater drainage is impeded by 
the oscillating tide. The salinity of marine-influenced wet-
lands varies from less than 0.2 to over 35 parts per thousand 
(ppt), depending on the position within the estuary or coastal 
zone. Wetland communities along the salinity gradient 
include a variety of plant communities (Fig. 6.2). Mangroves 
are the only forested wetland that occurs in saltwater tidal 
landscapes.
 Distribution of Wetlands
There are approximately 420,462  km2 of freshwater wet-
lands and 23,347 km2 of tidal wetlands in the conterminous 
United States (Dahl 2011), with another 585,346  km2 of 
freshwater and tidal wetlands in Alaska (Clewley et al. 2015). 
Wetlands are widely distributed throughout the United 
States, but they are concentrated in Alaska and also in the 
Atlantic coastal plain, Mississippi Valley, the upper Great 
Lakes, and the Prairie Pothole Regions (Fig. 6.3). While a 
breakdown of the soil type has not been assessed for all wet-
lands, approximately 80% of the freshwater nontidal wet-
lands in the conterminous United States are mineral soil 
wetlands, with the balance being peatlands; 54% of freshwa-
ter wetlands are forested (Kolka et  al. 2018). The mineral 
soil wetlands are widely distributed across the country, while 
organic soil wetlands or peatlands occur primarily in the 
upper Great Lakes region, the southeastern Atlantic coastal 
plain, and Alaska.
 Role of Soils in Wetland Ecosystem Functions
An important consideration of terrestrial wetlands is that they 
receive inputs from uplands, and they discharge outputs to 
groundwater and adjacent waterways and uplands. Those 
inputs and outputs are predominantly conveyed through the 
soil by hydrologic forces. The soil water moves material 
Fig. 6.1 Examples of hydric soils: (a) Mineral soils have a characteristic mottling; (b) organic soils typically lack mottling but have a thick accu-
mulation of organic matter that is also indicative of anaerobic conditions. (Source: Vasilas et al. (2016))
C. C. Trettin et al.
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through the soil and also regulates soil aeration (Fig. 6.4). The 
continually shifting anoxic zone changes biogeochemical pro-
cesses and rates, reflecting the highly dynamic and sensitive 
environment. Accordingly, hydrologic processes are inextrica-
bly linked to the soil biogeochemical processes. Resources are 
available that describe the details of wetland hydrology 
(Richardson et al. 2001; Verry 1997; Winter 1988; Winter and 
Woo 1990), hydric soil biogeochemistry (Vepraskas and 
Faulkner 2001), hydric soil biology (Craft 2001), hydric soil 
properties (Vepraskas 1996; Tiner 1999), wetland C cycle 
(Trettin and Jurgensen 2003), and wetland nutrient cycling 
(Lockaby and Walbridge 1998). Here we build on those funda-
mentals to synthesize soil processes across the range of basic 
soil materials (mineral-organic), water salinity (freshwater-
saltwater), and hydrologic forcing (nontidal-tidal).
 Nontidal Wetlands
 Mineral Soils
Mineral soil wetlands (MSW) are found throughout the 
United States in various geomorphic settings, including river 
floodplains and deltas, glacially formed or aeolian-formed 
environments, sedimentary plains, and mountain ranges. 
Generally, MSW are characterized by restrictive drainage 
soils overlain by ponded water during a portion of the year. 
Substrates of MSW are characterized by intermittently to 
perpetually saturated or anoxic conditions, or both (Vepraskas 
and Craft 2016). Soils of MSW often have a mottled appear-
ance (see Fig. 6.1) that is caused by the reduction, transloca-
tion, and oxidation of iron and manganese oxides. Compared 
to organic soil wetlands, the organic matter concentration, 
water holding capacity, porosity, and cation exchange capac-
ity are generally lower in MSW. Conversely, MSW typically 
have greater soil bulk density, soil pH, and nutrient availabil-
ity (Mitsch and Gosselink 2015). Hydraulic conductivity can 
range from low to high, depending on soil properties. Primary 
water sources for MSW include precipitation and groundwa-
ter. Water losses are principally attributed to evapotranspira-
tion, surface flow, and seepage or groundwater recharge 
(Hayashi et al. 2016; Winter 1989). Hence, the annual period 
of inundation, soil conditions, biotic communities (e.g., veg-
etation), and abiotic characteristics (e.g., water chemistry) of 
MSW can vary widely depending on climate, land use, 
hydrology, geomorphic setting, and vegetation (Euliss et al. 































Fig. 6.2 Gradient in wetland communities from the tidal coast to the nontidal terrestrial zone along the East Branch Cooper River in South 
Carolina. (Source: Inset from Cowardin et al. (1979))
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Mineral soil wetlands often are distinguished by high 
primary and secondary productivity, which can be aug-
mented through inputs of organic and mineral matter and 
nutrients from anthropogenic activities. The characteristic 
anoxic soil conditions of MSW result in relatively slow 
rates of decomposition of organic matter; thus, soils of 
Fig. 6.3 Current distribution of wetlands in the conterminous United States. (Source: Dahl (2011))
Fig. 6.4 Landscape cross section of uplands, wetlands, and water showing the water inputs, the water table, and the shifting anoxic zone in min-
eral and organic peat soils
C. C. Trettin et al.
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MSW function as a long-term C sequestration or storage 
site (Euliss et al. 2006; Wickland et al. 2014). These anoxic 
soil conditions, when combined with abundant C stores, 
also provide conditions for microbial CH4 production 
(Bridgham et al. 2013; Mitsch et al. 2013). However, since 
saturated conditions can be short-lived for seasonally satu-
rated wetlands, CH4 production can be extremely variable 
both temporally and spatially (Finocchiaro et  al. 2014; 
Tangen et al. 2015). Moreover, some MSW, such as prairie 
potholes, can be characterized by high sulfate concentra-
tions that can inhibit methanogenesis, even during times of 
extended saturated and anoxic conditions (Pennock et  al. 
2010). Many MSW, especially those embedded within agri-
cultural landscapes, produce N2O through denitrification 
and nitrification processes that occur across the naturally 
occurring soil-moisture gradients (Bedard-Haughn et  al. 
2006; Tangen et al. 2015).
Prairie Potholes
The Prairie Pothole Region contains the largest concentra-
tion of MSW ecosystems in North America (see Box 6.1). It 
covers nearly 800,000 km2 of the north-central United States 
(North Dakota, South Dakota, Minnesota, Iowa, and 
Montana) and south-central Canada (Manitoba, Alberta, and 
Saskatchewan) (Dahl 2014). The retreat of the Pleistocene 
glaciers (approximately 12,000 years ago) from the northern 
Great Plains left an undulating, hummocky landscape, 
draped by sediment and dotted with melting, stagnant ice 
blocks that eventually formed small depressions. The depos-
ited glacial till had extremely low hydraulic conductivity. 
This allowed these depressions to remain saturated for 
extended periods, undergo oxidation-reduction processes 
(e.g., gleying), accumulate organic C, and develop into func-
tional wetlands (referred to as “potholes”). In total, there are 
an estimated 58 million potholes (Beeri and Phillips 2007) 
covering approximately 70,000  km2 of surface area (Dahl 
2014; Euliss et al. 2006) within a matrix of croplands and 
grasslands. The majority of these wetlands are less than 
0.01 km2 in area and have ponded water that is more than 
2  m deep (Dahl 2014). Periods of inundation range from 
ephemeral to permanent, and salinities span a gradient from 
fresh to hypersaline (Euliss et  al. 2004; Goldhaber et  al. 
2014; Niemuth et  al. 2010; Winter and Rosenberry 1998) 
(Box Fig. 6.1).
Box 6.1
Box Fig. 6.1 A seasonal wetland in a native prairie grassland set-
ting in the Prairie Pothole Region. The underlying glacial till in the 
region has extremely low hydraulic conductivity, allowing water 
to pond in small, shallow depressions referred to as “potholes.” 
Pothole wetlands can function as groundwater discharge, recharge, 
or flow-through sites that vary in size, water chemistry, water per-
manence, and biotic communities. These wetlands provide a range 
of ecosystem services, including breeding habitat for migratory 
waterfowl, pollinator and wildlife habitat, flood mitigation, filtra-
tion of pollutants, groundwater recharge, C sequestration, and 
nutrient retention. (Photo credit: Lawrence D. Igl, U.S. Geological 
Survey)
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Wetlands provide a range of ecosystem services, includ-
ing breeding habitat for migratory waterfowl, pollinator and 
wildlife habitat, flood mitigation, filtration of pollutants, 
groundwater recharge, C sequestration, and nutrient reten-
tion. The gleyed soils of Prairie Pothole Region wetlands 
make them hotspots of biogeochemical activity due to the 
geologic history and critical zone processes in the region 
(Badiou et al. 2011; Bansal et al. 2016; Dalcin Martins et al. 
2017; Goldhaber et al. 2014, 2016; Tangen et al. 2015).
Approximately 70 million years ago, an inland sea formed 
organic-rich marine shales that provided a source of pyrite in 
the glacial till underlying the Prairie Pothole Region. As 
groundwater slowly flows from topographically higher to 
lower wetlands (i.e., groundwater recharge to discharge, 
respectively), oxidation of pyrite and gypsum and subse-
quent dissolution of carbonates in the till result in an accu-
mulation of ions such as sulfate (SO42–), bicarbonate (HCO3–), 
calcium (Ca2+), and magnesium (Mg2+) in wetland soils and 
waters. Wetland chemistry is further controlled by evapo-
transpiration, mineral precipitation and dissolution, and bio-
geochemical processes. The concentrations of the various 
chemical constituents of Prairie Pothole Region wetlands 
have a strong bottom-up influence on the wetland plant and 
invertebrate communities (Euliss et  al. 1999; Stewart and 
Kantrud 1972), which in turn influence fish, bird, and other 
wildlife populations (McLean et al. 2016a, b).
During the growing season, extensive stands of emergent 
macrophytes, combined with algal and submerged aquatic 
vegetation, contribute to high concentrations of dissolved 
organic carbon (DOC) and particulate organic C in standing 
water and sediment porewater of Prairie Pothole Region wet-
lands. These C inputs fuel some of the highest rates of CH4 
flux (as high as 0.75 g CH4 m–2 day–1) and SO42 reduction 
reported from freshwater wetlands (Dalcin Martins et  al. 
2017). Research suggests that wetlands with elevated SO42 
concentrations tend to have reduced CH4 emissions (Pennock 
et al. 2010), similar to marine tidal wetlands (Pennock et al. 
2010; Poffenbarger et al. 2011). Denitrification and nitrifica-
tion are also important processes in Prairie Pothole Region 
wetland soils. Wetlands that receive runoff from surrounding 
agricultural lands can produce large pulses of N2O emissions 
(Tangen et al. 2015). As C storage and sequestration sites and 
as sources of greenhouse gases (GHGs), Prairie Pothole 
Region wetlands have the potential to impact net GHG bud-
gets of the United States (Badiou et al. 2011; Bridgham et al. 
2006; Creed et  al. 2013; Euliss et  al. 2006; Tangen et  al. 
2015).
Forested Mineral Soil Wetlands
Forested mineral soil wetlands are found from the tropical 
coastal margin to the boreal zone. Lugo and others (1990) 
categorized these into four major forested wetland types 
within the United States.
Deep Water Swamps Deep water swamps are forested wet-
lands with standing water throughout all or most of the year 
(Conner and Buford 1998). Their distribution is primarily the 
coastal plain of the Southern United States, extending up the 
Mississippi River Valley into Southern Illinois. Vegetation is 
mainly baldcypress (Taxodium distichum), water tupelo 
(Nyssa aquatic), pond cypress (Taxodium ascendens), and 
swamp tupelo (Nyssa biflora) (Harms et  al. 1998). While 
swamp soils are primarily histic, inclusions of Alfisols, 
Entisols, and Inceptisols occur on microsites where flooding 
is intermittent (Conner and Buford 1998). As an example, 
small mesic islands occur in the Great Dismal Swamp of 
Virginia, and forest communities on these sites resemble 
those of nearby uplands (Carter 1990). On a smaller scale, 
red maple (Acer rubrum) and black ash (Fraxinus nigra) 
swamps in the Northeastern United States may exhibit min-
eral soils with near-neutral pH and high levels of Ca and Mg 
(Ehrenfeld 2012).
Major Alluvial Floodplains Alluvial landforms are most 
often associated with morphologically younger soils 
(Entisols, Inceptisols). However, older soils (Ultisols, 
Alfisols, Mollisols) have been mapped in floodplains along 
the Atlantic Coast. Mineral soils occur in these floodplains 
on level and convex microrelief, while mineral soils 
approaching histic-mineral and organic soils dominate in 
concave positions (Anderson and Lockaby 2007).
Two types of forested floodplains, black-water and red- 
water, are recognized in the Eastern United States and reflect 
the source of the sediments carried by the river. Black-water 
rivers originate in the coastal plain and have a dark color due 
to the dissolved and suspended organic matter. Red-water 
rivers originate in the piedmont or mountains, with the color 
reflecting the suspended mineral sediments; sometimes these 
are called brown or even white water, depending on the color 
of the suspended clay and silt. Red-water rivers tend to 
exhibit relatively steep gradients that provide more energy to 
carry suspended sediment loads in comparison with the 
lower gradient black-water streams, which carry less sedi-
ment. Consequently, red-water systems often exhibit higher 
fertility than their black-water counterparts (Furch 1997; 
Schilling and Lockaby 2006). Although floodplains are gen-
erally more fertile than corresponding uplands, deficiencies 
of N, phosphorus, and base cations are common and may 
restrict forest growth (Schilling and Lockaby 2006). These 
nutrient inadequacies are particularly common on black- 
water sites. In spite of differences in nutrient content, 
Schilling and Lockaby (2006) were not able to discern major 
differences in net primary productivity (NPP) between two 
such floodplains in Georgia. The Mississippi Delta, the fore-
most alluvial floodplain in the United States, can be very 
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productive and has exhibited some of the highest estimates 
of annual forest NPP in North America (Nelson et al. 1987).
Floodplains that occur in the arid Southwestern United 
States are distinct from those of humid regions. Streams 
associated with these systems may carry heavy sediment 
loads, and soil surfaces can be hydrophobic with sparse veg-
etation present (Stromberg et  al. 2012). Soils vary from 
sandy loams to clay loams and may show little horizon 
development (Stromberg et al. 2012).
Minor Alluvial Floodplains Soils in the small alluvial flood-
plains are usually of local origin, in contrast to the soils of 
major floodplains (Hodges 1998). Soil texture varies with 
microrelief and distance from the stream. Typically, a natural 
levee or front occurs nearest the stream and is composed of 
sandy material. Behind that front, flats and lessor convex sur-
faces occur and may be clayey. Concave microrelief in the 
form of narrow sloughs may exhibit higher deposits of 
organic matter (Hodges 1998). In piedmont areas and near 
fall lines, minor floodplains are often buried in clay sedi-
ments deposited as a result of poor agricultural practices on 
uplands in the eighteenth, nineteenth, or early twentieth cen-
tury (Trimble 1974). These sediment deposits can be very 
deep (>2 m) and usually consist of clays.
Wet Flatwoods In the Atlantic coastal plain, flatwoods sites 
are predominantly occupied by loblolly (Pinus taeda) and 
slash pine (Pinus elliottii), with inclusions of pond pine 
(Pinus serotina) on wetter areas. However, on slightly higher 
elevations and if fire has been excluded, hardwoods may 
dominate with swamp laurel (Quercus laurifolia), water oak 
(Quercus nigra), and willow oak (Quercus phellos), along 
with red maple, green ash (Fraxinus pennsylvanica), and 
American elm (Ulmus americana) (Harms et al. 1998). Soil 
diversity is generally high, and Aquods are often present 
with wet Alfisols and Ultisols (Harms et al. 1998). Many of 
these sites exhibit pronounced phosphorus deficiency, and 
productivity is often increased dramatically by the addition 
of phosphorus fertilizer (Harms et al. 1998).
 Organic Soils
Organic soils are the distinguishing characteristic of peatlands 
as a wetland class. Peatlands accumulate significant amounts 
of soil organic matter, or peat, when plant production exceeds 
decomposition over time (Kolka et al. 2011a; Sahrawat 2004). 
In the United States, nonfrozen peatlands occupy approxi-
mately 163,000 km2, with Alaska contributing about 48% of 
that area. Although nonfrozen peatlands only represent about 
23% of the total nontidal wetland area in the United States, 
they store about 46% (14.2 × 1012 kg, or 14.2 petagrams [Pg]) 
of wetland C, with approximately 41% in Alaska (Kolka et al. 
2018). Peatlands in the United States are also important 
sources of CH4 to the atmosphere, contributing 3.2 × 109 kg or 
3.2 teragrams (Tg) C year–1 (Kolka et al. 2018). Peatland accu-
mulation rates range from 0.18 to 7.8 mm year–1, with lower 
rates associated with higher latitudes (Kolka et al. 2011a, b). 
In both forested and nonforested peatlands, C is mainly 
sequestered in the organic soils, with much less sequestered 
aboveground in trees, shrubs, and sedges.
Generally, there are two types of peatlands: fens, which 
are those that are connected to the regional groundwater, and 
bogs, which have a perched water table and are not con-
nected to the regional groundwater. In both hydrologic con-
ditions, forested and nonforested peatlands exist. Those that 
are connected to the regional groundwater tend to be more 
nutrient rich, have a higher pH, and support more diverse 
plant communities.
Nonforested Peatlands
Nonforested peatlands include wetland types such as marshes 
and some fens and open bogs. Nonforested peatlands are 
usually a result of high water tables that are consistently near 
the surface. These high water tables are generally a function 
of being connected to the regional groundwater system lead-
ing to a fen ecosystem (Winter and Woo 1990), but they can 
also have high perched water tables, as in the case of open 
bogs. Because of the connection to regional groundwater 
that tends to be higher in nutrients, cations, and anions, these 
plant communities tend to be more productive and diverse 
than those that are only fed by precipitation (see discussion 
in Forested Peatlands section). Because many nonforested 
peatlands are connected to the regional water table, the large 
supply of water makes them less susceptible than forested 
peatlands to changes in precipitation regimes. This connec-
tion to groundwater can also cause pH, exchangeable cat-
ions, N, and P to vary widely. Open bogs are generally at the 
lower pH and nutrient end of the gradient, with pH, cations, 
and other nutrients ranging from intermediate to high in fens. 
Under normal conditions, fens and bogs are net sinks for 
CO2, but they can be sources of CH4 (Turetsky et al. 2014). 
Ecosystem storage of C ranges from approximately 400 to 
1500  Mg C ha–1, while CH4 fluxes range from 0.02 to 
0.07 Mg C ha–1 year–1 (Kolka et al. 2018).
Forested Peatlands
Forested peatlands include wetland types such as forested 
bogs, forested fens, bottomland hardwood swamps, poco-
sins, and Carolina bays. Forested peatlands are usually a 
result of variable water tables that typically draw down at 
times, especially during the growing season. Peatlands that 
have the most variable water tables are generally those that 
are perched and fed mainly by precipitation. Water table 
drawdown allows an aerobic soil/root system that enhances 
growth of the plant community and allows shrubs and trees 
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to grow. As in nonforested peatlands, forested peatlands that 
are only fed by precipitation (e.g., forested bogs) tend to be 
have lower concentrations of nutrients, cations, anions, and 
pH than those fed primarily by groundwater (forested fens) 
or surface water (swamps). Forested peatlands associated 
with a variable water table fed only by precipitation are more 
susceptible to long-term changes in precipitation regimes, 
especially droughts (Zoltai et al. 1998). Ecosystem storage 
of C ranges from approximately 410 to 1820  Mg C ha–1, 
while CH4 fluxes range from 0.02 to 0.08 Mg C ha–1 year–1 
(Kolka et al. 2018).
 Tidal Wetlands
Tidal wetlands occupy the intertidal margins of shorelines, 
extending from shallow coastal bays and estuaries into 
reaches of coastal rivers. They share tidal hydrology arising 
from ocean tides that propagate inland into estuaries, bays, 
and rivers and therefore vary widely in salinity from full- 
strength seawater to brackish to freshwater. Tidal marshes 
are dominated by herbaceous plant species, while tidal for-
ests are dominated by mangroves in the marine setting and 
bottomland hardwood swamp species in the freshwater tidal 
areas. Shrub-dominated tidal wetlands are known as shrub- 
scrub ecosystems. Tidal wetlands occur on both mineral and 
organic soils; soil type is a characteristic that affects the 
physical stability of the system against accelerated sea level 
rise and biogeochemical processes such as suppression of 
CH4 emissions by iron (Fe (III)) respiration (Neubauer et al. 
2005).
Tidal wetlands are zones of intense biogeochemical activ-
ity within the coastal plain landscape due to regular tidal 
flooding and direct connectivity to rivers and estuaries. They 
are dynamic environments where high rates of plant produc-
tion, microbial activity, and hydrologic exchange influence 
adjacent aquatic ecosystems, groundwater, and the atmo-
sphere (Megonigal and Neubauer 2009). Tidally driven 
hydrology generally produces open element cycles com-
pared to nontidal wetlands, a concept embodied in the 
Outwelling hypothesis, which links tidal wetland and aquatic 
biogeochemical cycles (Odum et  al. 1995). Tidal wetlands 
are an important source of C to estuaries (Nixon 1980), 
which supports microbial metabolism and nutrient cycling 
and regulates ultraviolet light penetration of the water 
column.
Element cycles in freshwater, brackish, and saline tidal 
wetlands are constrained by many of the same factors. 
Flooding frequency is the most important factor regulating 
primary production in tidal marshes; peak production of her-
baceous plants at an intermediate flooding frequency varies 
by species. Production is limited by N, P, or both N and P, 
depending on the geomorphic setting and anthropogenic 
nutrient loading. Coastal eutrophication tends to increase 
plant growth, decrease root-shoot ratio, and trigger changes 
in microbial metabolism and decomposition. The net effect 
of these responses on C sequestration, elevation gain, and 
ecosystem stability can be positive or negative for reasons 
that remain unclear (Megonigal and Neubauer 2009).
Tidal wetlands are referred to as “blue carbon ecosys-
tems” because they hold large stocks of soil and plant C and 
support rapid rates of C sequestration (Chmura et al. 2003; 
McLeod et  al. 2011). Marshes, mangroves, and seagrass 
meadows account for about half of the total marine soil C 
budget (Duarte et al. 2005) and bury an amount of C equiva-
lent to that stored by terrestrial forests, despite occupying 
just 2.5% of all land area (McLeod et al. 2011). These high 
rates of C sequestration are attributed to interactions among 
three primary factors: rapid plant production, slow decompo-
sition, and sea level rise (Kirwan and Megonigal 2013). As 
rates of sea level rise accelerate, coastal wetlands have the 
potential to sequester soil C at increasingly rapid rates as 
long as plants survive flooding and contribute to soil build-
ing. Compared to upland soils, the sequestration potential of 
tidal wetland soils is extremely high because rising sea level 
increases the potential soil volume over time. Coastal wet-
lands have only recently been recognized as important C 
sinks, and therefore, their response to global change is 
largely unexplored. The future stability of these systems is 
uncertain because global change drivers such as temperature 
and elevated CO2 perturb the complex biotic and abiotic 
feedbacks that drive high rates of soil C sequestration 
(Kirwan and Mudd 2012).
Tidal wetlands have the capacity to gain elevation by a 
combination of sediment trapping and in situ addition of 
organic C, the major processes driving soil development and 
C stocks. Accordingly, the difference in elevation between 
sea level rise and sediment accretion reflects the net change 
in submergence depth. The relative importance of mineral 
versus organic material to elevation gain depends on a vari-
ety of hydrogeomorphic variables such as tidal range, soil 
surface elevation, and sediment supply and ecological vari-
ables such as plant community composition, net primary 
production, and the relative contributions of aerobic versus 
anaerobic microbial respiration. Organic matter accounts for 
up to 80% of soil mass in tidal wetlands, occupying about 
twice the volume of mineral matter on a mass basis and con-
tributing at least twice as much to accretion as an equal mass 
of minerals (Neubauer 2008; Turner et al. 2000). Tidal wet-
lands with organic soils are typically perched high in the 
tidal frame, which decreases their vulnerability to rapid sea 
level rise; however, they are also more vulnerable to eleva-
tion loss caused by plant stress due to increased flooding or 
salinity.
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 Tidal Freshwater Wetlands
Tidal forcing by oceans can extend upstream into coastal riv-
ers, creating a unique combination of freshwater with flood- 
ebb tidal cycles. Tidal freshwater wetlands (TFWs) are 
common on all US coasts where nontidal rivers and tidal 
estuaries meet. Elevation transitions mark changes in plant 
community composition, with low and intermediate eleva-
tions dominated by herbaceous species (e.g., marshes) and 
high elevations dominated by trees (e.g., tidal freshwater 
swamps). The primary production of trees in TFW is limited 
by frequent flooding, while herbaceous production is compa-
rable to brackish and salt marshes.
TFWs have several unique features. TFW hydrology 
lacks the strong seasonal variability of nontidal freshwater 
due to tidal forcing, which means that hydrologic exchanges 
and greenhouse gas emissions are relatively stable. The lack 
of salinity leads to plant communities that are far more 
diverse than saline tidal wetlands. One consequence of low 
salinity is a limited supply of sulfate, a terminal electron 
acceptor that effectively suppresses production of CH4 emis-
sions. As a result, TFWs support higher CH4 emissions than 
saline wetlands (Bartlett et  al. 1987; Poffenbarger et  al. 
2011). Dissolved inorganic C and alkalinity exported from 
TFWs to rivers can potentially have a relatively large effect 
on river carbonate chemistry because freshwaters are poorly 
buffered compared to saline estuarine water.
 Tidal Marine Wetlands
The combination of tidal hydrology and high salinity gives 
rise to wetlands characterized by low species diversity and 
microbial respiration dominated by sulfate reduction. At 
salinity levels more than 0.5 practical salinity units (psu), all 
tree species and most herbaceous species in TFWs are 
replaced by a limited number of plant species with special-
ized adaptations to salinity stress. Temperature is an impor-
tant factor in the distribution and function of tidal marine 
ecosystems because it determines whether mangrove species 
are present. Mangroves are restricted to tropical and subtrop-
ical climates but can occupy intertidal areas regardless of 
salinity. Tidal freshwater swamps and tidal freshwater man-
groves are distinctions of plant species composition and lati-
tude and are not necessarily meaningful for understanding 
differences in element cycling.
Salinity affects microbial processes that regulate C 
cycling and greenhouse gas emissions. Sulfate contributes 
about 8% of the salts in seawater, and it is a dominant sub-
strate for microbial respiration in marine tidal wetland soils. 
Sulfate-reducing bacteria outcompete microorganisms that 
produce CH4, effectively suppressing CH4 emissions from 
tidal wetlands in proportion to sulfate availability. The rela-
tionship between salinity and CH4 emissions is used to pre-
dict the point at which the radiative cooling effect of CO2 
capture through soil C sequestration is balanced by the heat-
ing effect of CH4 emissions in tidal wetlands of varying 
salinity. Above 18 psu, tidal wetlands are net sinks of CO2 by 
one conservative estimate (Poffenbarger et al. 2011), but this 
remains an area of significant uncertainty.
 Sustainability of Wetland Functions 
and Ecosystem Services with Changing 
Conditions
As previously summarized, wetlands and associated soil pro-
cesses are sensitive to their inherent setting and associated 
hydrologic, biotic, and abiotic conditions. Here we summa-
rize the sensitivities of wetlands to changing conditions 
resulting from both natural and anthropogenic causes.
 Long-Term Climate Variability
Projected increases in temperature and changes in the fre-
quency and intensity of precipitation are likely to impact 
wetland soil function, primarily as a result of changes in the 
water regime. Over the coming decades, average annual tem-
peratures are expected to warm by 1.4 °C, and even more in 
northern latitudes (Vose et  al. 2017). Higher temperatures 
can alter hydrology by increasing evapotranspiration, melt-
ing permafrost, and changing the amount and timing of run-
off and groundwater recharge from snowmelt and glaciers. 
Wetland hydrology may be further impacted by precipitation 
that contributes to hydrologic inputs, including a projected 
decrease in winter and spring precipitation in the Southwest 
and an increase in precipitation in the northern United States 
and Alaska (Easterling et  al. 2017). Heavy precipitation is 
likely to increase by as much as 10–20% by the end of the 
century over the entire United States, with the potential to 
contribute to extreme flooding in some wetlands (Easterling 
et al. 2017). Warming is expected to increase drought condi-
tions and alter the frequency and severity of wildfires, par-
ticularly in the western United States and Alaska, where 
peatlands are vulnerable to new fire regimes (Young et  al. 
2016).
 Long-Term Shifts in Temperature 
and Precipitation
Vegetation Response
Shifts in temperature, precipitation, and the combination of 
both will alter species composition and diversity and, in 
some instances, ecosystem function of vegetated wetlands. 
In northern alpine wetlands, an increase in air temperature is 
expected to result in faster-growing species from lower lati-
tudes outcompeting and replacing slower-growing species 
(Burkett and Kusler 2000). In salt marshes, warming has 
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been shown to change the native plant assemblage (Gedan 
and Bertness 2009; McKee et al. 2012). Warming will also 
allow tropical mangrove species to expand their northern 
range in the United States. A decrease in the number of freez-
ing events has decreased and allowed the black mangrove 
(Avicennia germinans) to expand into salt marsh ecosystems 
(Saintilan et al. 2014; Simpson et al. 2017), thus increasing 
mangrove area by more than 70% along the Texas coastline 
(Armitage et al. 2015). A decrease in precipitation will shift 
freshwater wetland plant communities to communities that 
include plant species that are more tolerant of drier condi-
tions, or even replace them entirely with upland species 
(Burkett and Kusler 2000; Johnson and Poiani 2016; Mortsch 
1998).
Changes in temperature and precipitation will also affect 
wetland biomass production. Marsh productivity increased 
by 10–40% as temperatures naturally increased by 4  °C 
along a latitudinal gradient (Kirwan et al. 2009). Experimental 
warming increased aboveground growth of two salt marsh 
plants, saltmeadow cordgrass (Spartina patens) and smooth 
cordgrass (S. alterniflora), by 14–45% (Gedan et al. 2011). 
This increase in productivity will result in increased litter 
production, thereby affecting organic matter turnover, green-
house gas emissions, and soil organic matter (Ellison 2000). 
However, once temperatures go beyond plant thresholds 
(e.g., –40  °C for mangroves), production will decrease 
(Clough et al. 1982; Mortsch 1998). Decreased precipitation 
can alleviate stress from waterlogged conditions in some 
marshes (Charles and Dukes 2009), but when combined with 
warmer temperatures, it will also lower water tables, increase 
soil salinity, and expose sediments to aerobic conditions that 
increase organic matter decomposition (Burkett and Kusler 
2000; Clair et al. 1995; Morrissey et al. 2014; Mortsch 1998). 
These conditions may decrease plant productivity (Field 
1995; Day et al. 2008) as well as increase aerobic decompo-
sition of wetland soils, and thus, CO2 fluxes to the atmo-
sphere (Field 1995; Moor et al. 2015). In mangroves and salt 
marsh systems that need to maintain their elevation relative 
to sea level, increased decomposition of peat has impacted 
their ability to keep up with sea level (Bridgham et al. 1995; 
Burkett and Kusler 2000; Rogers et  al. 2014; Woo 1992). 
Alternatively, increased precipitation increases plant growth, 
seedling survival, and seed germination by reducing salinity 
and osmotic stress of plants and trees (Clough et al. 1982; 
Ellison 2000; Field 1995; Noe and Zedler 2001). Increased 
precipitation will also increase peat and sediment accumula-
tion through increased delivery of sediments from flooding, 
peat production through root growth, and organic matter 
accumulation from litter inputs (Rogers et al. 2014; Sanders 
et al. 2016; Scavia et al. 2002). This increased peat and sedi-
ment accumulation has allowed mangroves and salt marshes 
to keep up with sea level (Eslami-Andargoli et  al. 2009; 
Rogers et al. 2014; Snedaker 1995).
Changes in community composition and production may 
affect functionality of wetland soils. Positive impacts include 
increased C stocks and C accumulation rates that can poten-
tially offset climate change impacts (Donato et  al. 2012; 
MacKenzie et al. 2016). For example, mangrove migration 
into salt marshes has significantly increased aboveground 
and belowground C stocks by 2.3 Mg C ha–1 year–1 (Kelleway 
et al. 2016; Simpson et al. 2017). Shifts in plant communities 
in fens would result in greater root depths and higher C stor-
age. Alternatively, this could result in lower C storage if 
roots increase peat/soil oxygenation that fuels organic matter 
decomposition (Moor et al. 2015). Shifts in community com-
position can also impact accretion and sedimentation rates of 
wetlands. Increased sediment loads and belowground C 
accumulation are two mechanisms that help wetlands main-
tain their position relative to sea level (Krauss et al. 2014). 
Thus, decreased productivity and decreased litter and root 
inputs will negatively impact the ability of wetlands to main-
tain their position relative to sea level. Shifts in wetland plant 
communities can also decrease nutrient soil storage or 
increase peat decomposition.
Altered Hydrology
Changes in long-term precipitation and temperature regimes 
are expected to alter wetland hydrology, impacting soil func-
tion and ecosystem feedbacks. Differences in wetland land-
scape position and regional variability in temperature and 
precipitation suggest that responses are likely to vary widely. 
In some cases, the hydrologic conditions that define wet-
lands may cease to exist, and wetlands will transition to 
uplands or open water systems.
Increased evaporative losses, particularly when coupled 
with decreases in precipitation, may lead to declines in the 
water table and less frequent flooding in riparian wetlands. 
Wetlands in arid to mesic environments may be particularly 
vulnerable (Johnson et al. 2005; Springer et al. 2015). In prai-
rie pothole wetlands, climate simulations indicate that a 3 °C 
increase in temperature combined with a 20% decrease in 
precipitation would increase the amount of emergent vegeta-
tion, shifting the community to a dry marsh with significantly 
less open water available for waterfowl (Johnson et al. 2005).
In peatlands, droughts have been found to increase soil 
microbial activity and C loss (Griffis et  al. 2000; Laiho 
2006). Drying can increase the oxidation of peat, which 
enhances microbial growth and promotes enzymatic activity 
that reduces phenolic compounds, further contributing to 
microbial decomposition and growth (Fenner and Freeman 
2011). Warmer temperatures increase enzymatic activation 
rates, but responses may vary with the complexity of the sub-
strate (Davidson and Janssens 2006). Warmer, drier peatland 
soils may also promote increased recruitment and growth of 
shrubs (Waddington et al. 2015), which in turn may increase 
transpiration interception losses.
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Greater amounts of precipitation may increase the period 
and depth of wetland flooding, if not offset by evaporative 
losses. Depressional wetlands may be particularly suscepti-
ble to increased precipitation because of their topography 
and drainage (Johnson et al. 2004; Mitsch et al. 2013). Long- 
term changes in extreme flooding in riverine wetlands and 
direct links to climate change are less clear, as changes in 
streamflow can be affected by land use, dams, and other fac-
tors (Walsh et al. 2014).
Increased flooding may also result in decreased CO2 and 
increased CH4 and N2O emissions, as microbial respiration 
shifts from aerobic to anaerobic soil conditions (Yu et  al. 
2008). Increases in CH4 and N2O emissions may be of par-
ticular concern because these trace gases have greater global 
warming potentials than CO2. However, much is still 
unknown about the release of CH4 from wetland soils, 
including the capacity for CH4 oxidation as it diffuses 
through the soil column (Segarra et al. 2015).
Thawing of Permafrost Wetlands
The primary threat to continuous permafrost, discontinuous 
permafrost, and sporadic and isolated zones in wetland soils 
in northern latitudes is long-term climatic warming that leads 
to soil thawing. Permafrost has a seasonal cycle where the 
near-surface ice in the soil melts during warmer seasons. The 
active layer defines the extent of this thaw zone and varies 
depending on aspect, topography, and soil conditions. The 
depth of this thaw also governs the physical stability of the 
ground. Extensive thawing of frozen soils can destabilize the 
landscape, resulting in changes to the landscape structure 
that affect the fate of the soil system when it refreezes and 
the active layer is once again frozen. Extensive thawing can 
result in features such as patterned ground and ice-wedge 
polygons that can change so dramatically that structures and 
vegetation communities are altered.
A major concern of the increased soil thaw is the expo-
sure of C pools to decomposition. Overall, the northern lati-
tude soils of the arctic and boreal regions contain 2050 Pg C 
(to a depth of 3 m) (Schuur et al. 2015). Thawing and expo-
sure of previously frozen soil horizons can release C either as 
a gas through respiration or secondary products as dissolved 
organic carbon (DOC). The enhanced losses of these C pools 
from the soil have both global implications for the balance of 
greenhouse gases in the atmosphere and terrestrial realms, as 
well as for the associated aquatic communities that face 
increased amounts of dissolved organic matter mobilized 
from the soil pool.
In thawed permafrost soils, the presence of melt water can 
maintain anaerobic conditions that deter the rapid oxidation 
of organic matter (Shurr et al. 2018). However, the potential 
for CH4 flux increases, leading to enhanced emissions of 
both CH4 and CO2 from the active layer of permafrost soils. 
Saturated soils can also enhance the movement of DOC from 
the soil. Subsidence of soil surface horizons is common upon 
melt. The lowering of the surface coincides with a rise in the 
water table, so anaerobic conditions are maintained and gas-
eous losses are mitigated. However, the potential drainage of 
soil water due to collapse features can expand these features, 
which is especially threatening to physical structures, such 
as roads and buildings.
Sea Level Rise
Many coastal wetlands will face increased inundation, salt-
water intrusion, and salinity stress as sea level rise approaches 
1–4 m by 2100 (Mendelssohn and Morris 2002). Many of 
these wetlands will be subject to warmer ocean temperatures 
and increased exposure to hurricanes and associated storm 
surges. These impacts may be compounded by shifts in 
freshwater, sediment, and nutrient inputs to coastal wetlands; 
northward migration of species such as mangroves; and 
changes in the productivity of wetland plants (Megonigal 
et al. 2016).
Flooding frequency is the single most important factor 
that governs tidal wetland ecology and biogeochemistry, and 
it is currently changing at an accelerated pace due to a com-
bination of sea level rise and land subsidence. Sea level rose 
more than 2 m over the last 4000 years, and it is forecast to 
rise by the same amount over the next 200  years. 
Simultaneously, land is subsiding at variable rates that are 
increasing in some locations due to factors such as ground-
water withdrawal. Considerable uncertainty remains as to 
the capacity of tidal wetlands to keep pace with relative sea 
level rise through a combination of elevation gain and hori-
zontal migration into uplands. However, it is well established 
that the most vulnerable systems are those with small tidal 
ranges and low sediment supplies, conditions that are typical 
of large areas of tidal marine wetlands, such as those in 
Chesapeake Bay and the Mississippi River delta. Tidal fresh-
water wetlands may be less vulnerable than some tidal 
marine wetlands because they typically occur near upstream 
sediment sources.
Sea level rise is changing the boundary between tidal 
freshwater wetlands and tidal marine wetlands, with uncer-
tain consequences for C stocks and element cycling. Organic 
accretion rates tend to be higher in TFWs than tidal marine 
wetlands (Craft 2007), suggesting that increasing salinity 
intrusion may cause soil C sequestration to decline. However, 
studies on the direct effects of sulfate on soil organic matter 
decomposition rates have reported both accelerated rates and 
no change in rates (D’Angelo and Reddy 1999; Weston et al. 
2006, 2011) but provide little mechanistic insights to explain 
these differences (Sutton-Grier and Megonigal 2011). There 
are also perplexing observations that are not adequately 
explained by our present understanding of anaerobic decom-
position, such as reports that increased inundation caused 
faster rates of soil organic matter decomposition (Kirwan 
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et al. 2013; Mueller et al. 2016) and that increased salinity 
stimulated CH4 emissions (Weston et al. 2011).
Salinity changes can affect a number of nutrient cycling 
processes, including P adsorption, denitrification, and nitrifi-
cation (e.g., Caraco et al. 1989; Howarth 1988). The intru-
sion of saltwater and associated SO42– can lead to the 
breakdown of the “iron curtain” described by Chambers and 
Odum (1990), which releases sediment-bound P (Caraco 
et  al. 1989). Elevated salinity can also lead to decreased 
sorption of NH4+ to soil particles, and increased NH4 concen-
trations may suppress N2 fixation (e.g., Howarth 1988). The 
physiological effects of salinity on nitrifying and denitrify-
ing microbes reduce the activity of these organisms (Furumai 
et al. 1988; MacFarlane and Hebert 1984; Stehr et al. 1995). 
Much of the research on the effects of rising salinity on soil 
and sediment biogeochemistry has focused on transient 
effects. Over longer time periods, salt-sensitive plants, ani-
mals, and microbes will likely be replaced by salt-tolerant 
species (e.g., Magalhães et  al. 2005). Relatively little is 
known from direct manipulations of salinity about the direc-
tion of these longer-term effects.
Sea level rise will increase the landward progression of 
tidal freshwater wetlands. The resulting conversion of non-
tidal to tidal wetlands will result in significantly increased 
periods of soil anoxia, which would be expected to cause 
corresponding changes in the C and nutrient cycles.
 Extreme Events
 Fire
Increased temperatures and evapotranspiration, when not 
offset by precipitation, are expected to lead to drier fuels and 
lower water tables in many northern peatlands (Flannigan 
et al. 2009), which in turn are likely to increase wildfire fre-
quency, particularly in summers with extreme heat and low 
moisture availability (Young et  al. 2016). This response is 
evident in Alaska, where fire frequency, duration, and inten-
sity have increased over the past several decades (Flannigan 
et al. 2009; Kasischke and Turetsky 2006; Partain et al. 2016; 
Sanford et al. 2015).
Increased wildfire activity in peatlands will reduce soil C 
stocks, releasing CO2 and other greenhouse gases into the 
atmosphere (McGuire et al. 2009). Peatland fires in western 
Canada alone are estimated to emit up to 6  Tg C year–1 
(Turetsky et  al. 2004). In black spruce (Picea mariana) 
stands of Alaska, decadal fire emissions exceeded ecosystem 
uptake by as much as 86 + 16 Tg C (Turetsky et al. 2011). 
The increase in severity of fires has been shown to increase 
the depth of organic soil burning, which can result in particu-
larly high C emissions (Turetsky et al. 2011), and their smol-
dering may contribute to atmospheric pollution (Flannigan 
et  al. 2009). Smoke may also increase albedo, which may 
help offset radiative forcing from the fire’s greenhouse gases 
(Lyon et al. 2008; Randerson et al. 2006).
 Floods Resulting from Increased Incidence 
of Severe Storms
Extreme precipitation events are becoming more severe and 
frequent (Min et al. 2011) in many parts of the United States 
(Groisman et al. 2012; Kunkel et al. 1999) as well as globally 
(Groisman et al. 2005), with consequences to structures and 
infrastructure, including houses, dams, roads, sewer and 
stormwater drainage, and drinking water systems (Gariano 
and Guzzetti 2016; Mamo 2015). While the role of wetlands 
within the watershed on storm runoff is recognized (Johnston 
et al. 1990), extreme events suggest the need to consider the 
role of wetlands especially in urbanizing landscapes. The 
interactions of road and stormwater conveyance infrastruc-
ture and other water management systems with extreme pre-
cipitation events are relatively unknown, presenting risks to 
downslope resources. While flooding is the obvious risk 
(Amatya et al. 2016), storms may significantly increase the 
sediment transported by the waterways as well (Shelby et al. 
2005).
 Atmospheric Effects
Humans have altered the chemistry of the atmosphere via a 
number of processes, including fossil fuel combustion, land 
use change, volatilization from agricultural activities, incin-
eration, and other industrial processes (Monks et al. 2009). 
These atmospheric changes can affect wetland soils either 
via direct positive and negative effects on plants (e.g., CO2, 
nitrogen and sulfur oxides, ozone) or via wet and dry deposi-
tion onto soils (e.g., reduced and oxidized N, sulfur oxides, 
and Hg). Wetland-specific soil impacts often derive from the 
interaction of these pollutants with anoxic sediments.
 Elevated CO2
In addition to its effect on climate, increasing CO2 can have 
a direct effect on photosynthesis because CO2 is one of the 
key substrates for this process. Numerous upland studies 
have shown that elevated CO2 can increase plant photosyn-
thetic rates and subsequently increase productivity, if no 
other conditions, such as N, other nutrients, or light, are lim-
iting (Johnson 2006). Without limitations, elevated CO2 
leads to higher plant production, longer growing seasons, 
and higher leaf area (Hyvönen et al. 2007), as well as lower 
stomatal conductance and transpiration and higher water use 
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and light use efficiency (Drake et al. 1996). Those principals 
are presumed for wetlands, which have not received the 
degree of study compared to uplands, and they are supported 
by several studies indicating similar responses for wetland 
plant communities. For example, in sedge wetlands, photo-
synthetic rates and biomass yields increase, N in plant tis-
sues is reduced, and overall ecosystem C accumulation 
increases under increased CO2 (Rasse et al. 2005).
Increased salinity by rising sea levels in coastal wetlands 
tends to lessen the effect of elevated CO2 on plant communi-
ties and soils by stressing the plant communities, which 
counteracts the gains from elevated CO2 (Erickson et  al. 
2007). However, others have found that productivity gains 
and soil additions related to responses to elevated CO2 have 
led to an increase in marsh elevation that have counterbal-
anced sea level rise (Langley et al. 2009).
A secondary response to elevated CO2 in wetlands is 
greater CH4 emissions (Vann and Megonigal 2003), although 
the mechanism of the response is not clear. Vann and 
Megonigal (2003) speculated that recent elevated carbohy-
drates (due to higher photosynthetic rates) become available 
for fermentation through root exudates that drive the metha-
nogen community. Another secondary response of wetlands, 
especially peatlands, to elevated CO2 is higher production 
and transport of DOC (Freeman et al. 2004). Similar to the 
proposed mechanism for elevated CH4 production, higher 
DOC fluxes result from greater plant production, especially 
belowground, leading to higher available C in the soil pore 
water.
 Pollutants and Nutrients in Deposition
 Mercury
Mercury (Hg) is a toxin that can affect neurological develop-
ment in animals and humans (Zillioux et al. 1993). The major 
anthropogenic sources of atmospheric Hg are coal- and oil- 
fired power plants, gold mining, metal manufacturing, 
cement production, waste disposal, and caustic soda produc-
tion (Pirrone et al. 2010). Emissions in North America are 
declining (Weiss-Penzias et al. 2016) and are currently esti-
mated at 9% of the global total, compared with 64% in Asia 
(Pirrone et  al. 2010). Deposition trends within the United 
States are mixed, with some regions experiencing declines 
and others experiencing increases, with the latter attributed, 
at least in part, to long-distance transport from Asia (Weiss- 
Penzias et al. 2016).
Mercury that enters wetlands is predominantly in an unre-
active form, but it can be transformed via microbial action 
under anoxic conditions to a readily bioavailable form, 
methyl mercury, when in wetland soils or sediments. As a 
result, wetlands can be sinks for total Hg and major sources 
of methyl mercury export to freshwater ecosystems (Driscoll 
et al. 2007; Rudd 1995; St. Louis et al. 1994, 1996). Methyl 
mercury bioaccumulates in food webs and has a broad range 
of impacts on aquatic biota (Zillioux et al. 1993).
 Sulfur
The major anthropogenic source of S emissions is fossil fuel 
combustion and other industrial activities (Klimont et  al. 
2013). Europe and North America have been experiencing 
declines over the last two decades as a result of control mea-
sures, whereas increases have occurred in the developing 
world, especially India and China (Klimont et al. 2013; Vet 
et al. 2014).
Sulfur oxide deposition has multiple effects on wetlands, 
most notably interactions of the S with other biogeochemical 
cycles. In particular, deposition of S to wetlands can result in 
an increase in Hg bioavailability (e.g., Jeremiason et  al. 
2006), decreases in CH4 production (Dise and Verry 2001; 
Gauci et al. 2002, 2004; Vile et al. 2003), and decreases in 
DOC export (de Wit et al. 2007; Montieth et al. 2007; Oulehle 
et al. 2013). Mercury methylation increases in response to 
SO42– additions to wetlands, presumably by the activity of 
sulfate-reducing bacteria stimulated by SO42– additions 
(Kolka et al. 2011b). Sulfate-mediated decreases in CH4 pro-
duction could be reducing the wetland contribution to global 
climate change (Gauci et  al. 2004), and hence declines in 
SO42– deposition could have the unintended consequence of 
increasing global warming derived from wetland CH4 
sources. Similarly, declines in SO42– deposition to water-
sheds could be contributing to observed increasing trends in 
DOC in streams and lakes of northern North America and 
Europe (Erlandsson et al. 2008; Montieth et al. 2007).
 Nitrogen
Biologically available N is deposited primarily as ammo-
nium or nitrate, which may lead to eutrophication and acidi-
fication of ecosystems (Galloway et  al. 2008). Nitrogen 
deposition in the United States was historically dominated 
by nitrate, but recent reductions in nitrate and increases in 
ammonium deposition have reversed this pattern (Li et  al. 
2016). Wetlands act as major sinks for N, either storing or 
denitrifying a significant fraction of atmospheric and hydro-
logic inputs of N (Baron et al. 2013). As a result of the deni-
trification process, some of the transformed N may be 
released in the form of N2O, a potent greenhouse gas (Baron 
et al. 2013). This N storage and removal capacity is sensitive 
to hydrologic conditions. Nitrogen deposition can also lead 
to increased CH4 emissions from peatlands (Aerts and 
Caluwe 1999), perhaps by shifting plant communities to 
sedges that transport CH4 from deeper peat (Eriksson et al. 
2010; Nykänen et al. 2002).
In nutrient-poor sphagnum (Sphagnum spp.) peatlands, N 
deposition has been found to affect both productivity and 
decomposition, which together largely define the net C bal-
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ance of peatlands. In these peatlands, the effect of elevated N 
deposition on C balance appears to depend on deposition 
rate, with increased rates of net C accumulation in areas of 
moderate deposition such as eastern Canada (Turunen et al. 
2004) but decreased net C accumulation in areas of higher 
deposition as a result of enhanced decomposition (Bragazza 
et  al. 2006) and reduced sphagnum moss litter production 
(Bragazza et al. 2012). The negative effects of N deposition 
on sphagnum can be at least partially alleviated by higher P 
availability (Limpens et al. 2004).
 Land Use and Land Management
Many wetlands have been altered by a variety of land use and 
land management practices that have affected inherent soil 
functions and provision of essential ecosystem goods and 
services. Some of the primary land uses that are associated 
with wetland alteration include urban and infrastructure 
development, agriculture, and forest management.
 Urban and Infrastructure Development
Wetlands in urban landscapes are typically confined to 
detention basins and riparian zones. The surrounding 
mosaic of impervious surfaces is the principal factor affect-
ing the hydrology and water quality of urban wetlands. 
However, like other wetlands, urban wetlands act as 
sponges, retaining excess rainwater and reducing flood risk 
to nearby homes and businesses. Although wetlands benefit 
water quality by absorbing many of the pollutants that 
would otherwise flow directly into rivers, streams, and 
other water bodies (e.g., pet wastes, pesticides, fertilizers, 
heavy metals, hydrocarbons, and road salts), they can also 
be negatively impacted by the volume of pollutants that 
enter them (Mitsch and Gosselink 2015). Coastal wetlands 
are particularly at risk from urban development, which can 
cause excessive nutrient overload from stormwater runoff 
as well as wastewater treatment effluent that can cause 
algal blooms in estuarine wetlands (Dahl and Stedman 
2013). Excessive loads of heavy metals can also accumu-
late in wetland soils, causing increased mortality of aquatic 
animals and increasing risks to public health.
Stormwater runoff that passes over warmed impervious 
surfaces also increases the water temperature and decreases 
the amount of dissolved oxygen content. Warmer water with 
low dissolved oxygen can negatively impact aquatic species 
and the organisms that depend on them for food, shelter, or 
both. Additionally, rising water temperatures can increase 
the release of P from sediment, further increasing the risk for 
eutrophication of lakes, ponds, and estuaries (O’Driscoll 
et al. 2010).
Road and bridge construction across wetlands can cause 
water impoundment to occur even when culverts are installed, 
fundamentally changing the wetland hydrology. Construction 
within a wetland usually leads to an increase in sediment 
load. This may result in the fragmentation of critical wildlife 
corridor connectivity and can increase the spread of opportu-
nistic invasive species that thrive in degraded wetlands, lead-
ing to further degradation of the soil quality (Czech et  al. 
2000). Road and bridge maintenance activities and practices 
can also increase the amount of road salt, herbicides, heavy 
metal, and many other toxic chemicals that end up in wet-
lands (Braun and Osterholz 2007).
Similarly, dams have had widespread impacts on associ-
ated floodplains and riparian areas by stimulating channel 
incision, reducing peak flows, elevating low flows, and 
increasing deposition (King et  al. 2012). Levees and dike 
reduce overbank flooding, thereby changing the hydroperiod 
for much of a floodplain and, correspondingly, the nature of 
ecosystem functions. Also, increased flood depths and veloc-
ities occur in riparian areas nearest the streams that are not 
enclosed by the levees, and this can result in scouring and 
changes in forest species composition. Berms for roads that 
cross floodplains in a perpendicular angle to the main direc-
tion of streamflow may increase flooding (and decrease 
velocity) on the upstream side while reducing flooding and 
sheet flow on the downstream side. Consequently, disruption 
of natural sheet flow on the upper side induces a ponding 
effect and may cause decreases in forest NPP in response to 
the damming effect of the berm (Young et al. 1995).
 Agriculture
Many wetlands are associated with agricultural land uses, 
either directly for cropping and grazing or indirectly when 
adjacent to cultivated lands. In some instances, wetland 
hydrology is disrupted through drainage and tillage activities 
that effectively result in the loss of wetland properties. In 
other instances, wetlands remain hydrologically intact 
within, adjacent to, or downstream from agricultural fields 
and thus receive nutrient-enriched runoff.
 Sediment, Nutrient, and Chemical Runoff
Wetlands nested within, adjacent to, or downstream from 
agricultural fields tend to receive increased deposition of 
sediment, nutrients, and agrichemicals through wind and 
water erosion. These types of impacts have the potential to 
affect provisioning of various wetland ecosystem services. 
For example, sedimentation has been shown to affect wet-
land biotic communities through associated effects (e.g., 
burial) on plant  seed and invertebrate egg banks (Gleason 
and Euliss 1998; Gleason et al. 2003). Wetlands in cropland 
settings receive greater amounts of precipitation runoff than 
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those in a grassland setting (Euliss and Mushet 1996; van der 
Kamp et al. 1999, 2003), and upper soil horizons (e.g., O and 
A horizons) of wetlands with a cropland history have been 
identified that were overlain by considerable amounts of 
sediments (exceeding 1 m) deposited from adjacent uplands 
(Tangen and Gleason 2008). A study in the Prairie Pothole 
Region showed that wetlands surrounded by agricultural 
lands had five times higher clay and two times higher P 
transport rates than wetlands surrounded by grasslands 
(Martin and Hartman 1987). Elevated soil nitrate concentra-
tions and N2O emissions have been identified in cropland 
associated with wetlands, ostensibly due to inputs of N-based 
fertilizers (Bedard-Haughn et al. 2006; Tangen et al. 2015). 
Moreover, various agrichemicals (e.g., herbicides and fungi-
cides) have been identified in sediments and tissues of wet-
land biota (e.g., Belden et  al. 2012; McMurry et  al. 2016; 
Venne et al. 2008). McMurry and others (2016) found that 
glyphosate concentrations in soils were more than four times 
greater in cropland wetlands than grassland wetlands. Other 
major wetland systems of the United States, such as the 
Florida Everglades (largest subtropical wetland in the United 
States) and wetlands associated with the Chesapeake Bay 
(largest estuary in the United States) and the Great Lakes 
(largest freshwater lakes in the world with over 1200 km of 
coast wetlands), receive excessive amounts of N, P, and S 
through fertilizer runoff, causing water quality issues by pro-
moting harmful algal blooms and hypoxia, which can be det-
rimental to native flora and fauna as well as human health 
(e.g., contaminated drinking water).
 Livestock Grazing
The impacts of livestock grazing on wetland soils have been 
shown to be both beneficial and detrimental, depending on 
the site and grazing management practices. Livestock graz-
ing can directly impact wetland soils through biomass 
removal, trampling, soil compaction, erosion, altered micro-
topography, and altered soil nutrient status. Livestock graz-
ing has been found to alter soil C and N storage in grasslands. 
Whether grazing increases or decreases soil C and N storage 
is a matter of debate and in most cases depends on the loca-
tion of the study and the grazing management system (Li 
et  al. 2011). Generally, studies have found that grazing 
reduces soil nutrient levels (Roberson 1996).
Soil compaction is arguably the most severe impact of 
livestock grazing, restricting root growth by reducing oxy-
gen availability and space for roots to grow. Soil compaction 
also reduces the soil infiltration rate, leading to increased 
rates of precipitation runoff into nearby surface waters. 
Increased runoff coupled with increased stream bank erosion 
can cause serious water quality issues. Erosion can lead to 
channel downcutting and lowered water tables, which affect 
soil chemistry. However, in cases where keystone herbivores 
have been removed, livestock soil disturbances have been 
shown to benefit ephemeral wetlands by controlling invasive 
species and maintaining a more open canopy (Marty 2005).
 Cropland Drainage
Wetlands have been used for crop production as a result of 
their naturally high organic C and nutrient content. However, 
alteration of the soil aeration is needed to support cropping, 
and that is accomplished through drainage. This practice of 
draining wetlands for crop production is the principal cause 
of wetland loss in the United States. Effectively, the drainage 
systems remove the hydrologic conditions necessary to sup-
port wetland soil processes. One of the most direct impacts 
of aeration is accelerated respiration that leads to the loss of 
stored C, as CO2, to the atmosphere. For example, soil C 
stores were reduced by up to 50% when prairie pothole wet-
lands were converted from native grasslands to croplands 
(Bedard-Haughn et  al. 2006; Gleason et  al. 2008, 2009; 
Tangen et al. 2015), and the effect of drainage on soil loss 
extends for decades, especially on peatlands (Bridgham et al. 
2006). Drainage and tillage also affect soil structure and ero-
sional processes and alter the distribution of nutrients and 
metals (Skaggs et al. 1994).
 Forest Management
Forest management practices may affect wetlands through 
disturbance regimes (e.g., harvesting), changes in vegetation 
community, and alterations of hydrology, and while minor 
drainage is allowed for silvicultural purposes, it must not 
alter the wetland status. These disturbance regimes may be 
imposed singularly or in combination, depending on the for-
est management objectives. Two types of silvicultural sys-
tem are typically used in forested wetlands: natural 
regeneration and plantation management. Stands intended 
for natural regeneration are either clear-cut or selectively 
harvested. The effects of harvesting and natural regeneration 
activities on floodplain functions and soils have been shown 
to be positive (e.g., in terms of increasing productivity) or 
neutral (Lockaby et  al. 1997). In a comparison of logging 
practices in bottomland hardwoods, there was no deteriora-
tion of hydric soil processes in a red-river bottom (Aust et al. 
2006; McKee et al. 2012). If best management practices are 
followed, studies indicate that there is no change in nutrient 
source, sink, or transformation relationships or soil produc-
tivity. Habitat may be altered for some species of wildlife 
until canopy closure is regained (Clawson et al. 1997).
In wet pine flats, management may be more intensive and 
involves site preparation including treatments that reduce 
wetness in the upper soil, such as bedding. Bedding involves 
creating an elevated planting bed that is formed by disking 
soil from shallow trenches (15–50 cm) on either side of the 
bed. As a result, the aerated soil volume is greater in a bed-
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ded soil, resulting in enhanced organic matter decomposition 
and nutrient cycling (Grigal and Vance 2000), and productiv-
ity also tends to be higher on beds (Neaves et  al. 2017a). 
While there has been concern about this site preparation 
method, especially with respect to hydrology, C storage, and 
nutrient cycling, it has been considered inconsequential for 
many wetland functions (Harms et  al. 1998). Studies in 
Michigan (Trettin et al. 2011) and South Carolina (Neaves 
et al. 2017b) on soil property responses to bedding and plan-
tation establishment have shown disturbance effects to be 
short term (e.g., <20 years).
Minor drainage may also be incorporated into the silvi-
cultural system to reduce the surface water level in advance 
of harvesting, so soil disturbance is minimized during the 
logging; the lowered water table may also increase seedling 
survival and enhance early stand growth (Fox et  al. 2015; 
Skaggs et al. 2016). In the southeastern United States, minor 
drainage has been incorporated into water management sys-
tems, whereby the degree of drainage can be controlled. This 
enables the imposition of the normal wetland hydrology fol-
lowing stand establishment. While minor silvicultural drain-
age is allowed under the Clean Water Act, the drainage 
should not alter the jurisdictional status of the wetland. Most 
of the minor drainage applications are historical, with cur-
rent activities primarily limited to ditch cleaning and mainte-
nance. In general, the effects of silvicultural drainage on 
hydric soils are typically to reduce soil C stocks, particularly 
on peatlands, and alter greenhouse gas emissions, but pro-
ductivity may also be enhanced, which can increase soil C 
(Minkkinen et  al. 1999). As a result of the lowered water 
table, methane emissions are typically lowered and CO2 
emissions increase (Moore and Knowles 1989; Nykänen 
et al. 1998).
 Restoration and Mitigation
Wetland restoration, both freshwater and tidal, is an evolving 
practice that can be employed to replace wetlands and wet-
land functions that have been lost on the landscape. While 
there is no “cookbook” approach for achieving desired per-
formance outcomes due to wetland and regional diversity, 
there are features common to all wetlands that should be 
considered when attempting to restore them.
While the number of potential functions and services pro-
vided by wetlands is very broad, they can be combined to fall 
under a small number of categories: hydrologic, soil biogeo-
chemical, habitat, and landscape. The functions that any par-
ticular type of wetland can provide can be determined and 
used to set the restoration project’s ecological performance 
goal(s). The most effective performance goals and criteria 
are to be SMART (specific, measurable, achievable, results- 
oriented, and time-fixed); address hydrology, soils, and veg-
etation; and reflect incremental change.3 For voluntary 
projects that require a permit, the goals as defined in the per-
mit application help to define the benefits of the project, and 
also its limits. For mitigation and mitigation banks, the goal 
is to replace what was lost, based on desired functional 
replacement. Incorporating adaptive management into every 
step of the process, from planning to design, through con-
struction, completion, and long-term management, can help 
to optimize achievement of the restoration goals (Stelk et al. 
2017).
Reliance on biotic criteria over a short timeframe for mea-
surement of success may create problems establishing 
achievable performance criteria. Short-term monitoring data 
can describe initial conditions and suggest a site’s potential 
for sustaining itself, but a long-term management plan is 
needed to ensure that the site remains on its trajectory (Kolka 
et al. 2000). In recent years, there has been increasing recog-
nition that longer monitoring timeframes and measurement 
of abiotic and biotic performance are likely to yield more 
reliable indicators of progress toward meeting project goals 
(Environmental Law Institute 2004; Kusler 2006). A longer 
process is critical to building healthy wetland soils that, in 
turn, improve the potential for native wetland vegetation to 
persist over time and reduce vulnerability to invasive spe-
cies. For example, in restoring longleaf pine (Pinus palus-
tris) wet savannas, managers opted to leave slash pine 
plantations in place to build up litter to carry ground fires that 
are needed to manage the target longleaf pine (a tree that 
lives upwards of 300 years) (Kirkman et al. 2001).
Consistently, the single most often cited reason for wet-
land restoration project failure is the inability to correctly 
assess the restoration site and plan a wetland restoration that 
could be achieved on that site. Hydrologic sources and con-
straints, onsite and offsite stressors, soil compaction, and 
other factors should be examined before determining what 
kinds of wetland or stream restoration are achievable at a 
specific location. If the site is not properly assessed, then the 
design, plan, and onsite construction actions will not achieve 
the desired outcomes. Thoroughly researching soil condition 
is imperative (Stelk et al. 2017). In 1998–1999, an estimated 
676 birds died in the North Shore Restoration Area of Lake 
Apopka in Florida after the surrounding farmland was 
restored. The restoration was focused on reflooding the farm 
3 SMART does not have a universal definition, and the words within the 
acronym have changed over time to fit the specific situation. It was first 
coined in 1981 by George T. Doran, a consultant and former Director of 
Corporate Planning for Washington Water Power Company, in a pub-
lished paper titled “There’s a S.M.A.R.T. Way to Write Management’s 
Goals and Objectives.” Here we use the terms and definitions recom-
mended by Peter Skidmore in a 2017 white paper on wetland restora-
tion (Stelk et al. 2017).
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fields and the elimination or breaching of the levees that sep-
arated the fields from the main body of the lake. 
Organochlorine pesticide residues remained in the soils and 
ended up accumulating in the fish that the birds were eating, 
which caused the mortality event (Industrial Economics 
2004).
Another important consideration regarding wetland soils 
and restoration is C storage. In general, the more the water 
table is lowered, the faster soil C is lost (Couwenberg et al. 
2009). Dry wetland soils (e.g., peatlands) are also suscepti-
ble to frequent fires that can further cause large soil C losses 
(Turetsky et al. 2011).
Restoration strongly modifies hydrology and vegetation 
of restored wetlands, which directly influences soil proper-
ties. Restoring wetlands has been found to reverse the loss of 
soil C from draining (Järveoja et  al. 2016). For instance, 
restored mineral soil wetlands in the Prairie Pothole Region 
accumulated 0.74  Mg C ha–1 year–1 over a 55-year period 
(Ballantine and Schneider 2009). Guidelines from the 
Intergovernmental Panel on Climate Change for mineral soil 
wetlands state that cultivation leads to losses of up to 71% of 
the soil organic C in the top 30 cm of soil over 20 years, and 
restoration increases depleted soil C stocks by 80% over 
20 years and by 100% after 40 years (Wickland et al. 2014). 
An increase in soil C is also regularly measured after restor-
ing organic soil wetlands (Lucchese et  al. 2010). Projects 
that restore or preserve soil C pools in tidal wetlands can be 
issued C credits through voluntary and regulatory programs 
(Emmett-Mattox et al. 2011).
Wetland restoration typically lowers DOC export from 
wetlands (Strack and Zuback 2013); however, there may be an 
initial flush after restoration activities. Rewetting or creating 
freshwater wetlands may increase CH4 emissions (Badiou 
et al. 2011; Strack and Zuback 2013), although some studies 
have found that restoration did not increase CH4 emissions 
(Richards and Craft 2015). Methane emissions appear to be 
especially high in restored wetlands located in agricultural set-
tings or in deep water areas with emergent vegetation (Schrier-
Uijl et al. 2014; Strack and Zuback 2013). In the long term, the 
climate benefits of increasing soil C sequestration through 
restoring degraded wetlands appear to be a positive for green-
house gas mitigation (Strack and Zuback 2013), especially in 
saline tidal wetlands where the presence of sulfate in floodwa-
ter suppresses CH4 production (Poffenbarger et al. 2011).
In addition to improving greenhouse gas mitigation, wet-
land restoration also has the potential to modify soil physical 
properties (Price et  al. 2003). For instance, degraded wet-
lands are often compacted, with high bulk density and low 
hydraulic conductivity (Wüst-Galley et al. 2016), but resto-
ration has been found to reverse that trend (Ballantine and 
Schneider 2009). However, the timeframe for soil restoration 
is much longer and may take many decades compared to 
other ecosystem components such as hydrology and vegeta-
tion that can recover in months to years (Lucchese et  al. 
2010; Schimelpfenig et al. 2014).
 Tools
Interest in modeling wetland soil processes developed as 
researchers considered ecological processes (Mitsch 1988). 
Subsequently, models to consider nutrient removal in ripar-
ian zones (e.g., Lowrance et al. 2000), C cycling (e.g., Zhang 
et  al. 2002), and peat accumulation (Frolking et  al. 2010) 
have been developed, and recently USDA published a frame-
work for C accounting in managed wetlands (Ogle et  al. 
2014). A major consideration for models applicable to hydric 
soils is the ability to consider anaerobic conditions explicitly, 
as it is mediated by water table, soil moisture, inherent soil 
physical and chemical properties, and vegetation. However, 
many wetland soil models take a simpler or nonmechanistic 
approach (Trettin et al. 2001). Correspondingly, the extent to 
which wetland hydrology is characterized in models varies 
widely. For most of the models, estimates of wetland hydrol-
ogy are only based on precipitation and potential evapotrans-
piration. Few models consider groundwater input or lateral 
flow. Accordingly, the functionality to estimate DOC and 
inorganic C, as well as dissolved nutrient transport, is 
lacking.
To consider the role of wetlands on the nutrient and C 
cycling, water quality, and hydrology of a watershed or other 
large area, the wetland must be functionally integrated with 
adjoining ecosystems and water bodies. This implies then 
that a watershed-scale model is needed to simulate the hydro-
logic conditions throughout the watershed so that the biogeo-
chemical processes within the uplands and wetlands reflect 
the hydrologic conditions within the component ecosystems. 
The challenge is that modeling watershed hydrology is a dif-
ficult endeavor, hence warranting dedicated hydrologic mod-
els; accordingly, incorporating watershed hydrology is 
beyond the scope of most existing biogeochemical models. 
Dai and others (2011) used a linked modeling framework to 
address this issue at the watershed scale, running the hydro-
logic simulation using the MIKE SHE modeling system and 
taking that response to drive the soil biogeochemistry simu-
lation in the forest denitrification-decomposition (Forest- 
DNDC) model. That study demonstrated the importance of 
considering the wetland biogeochemistry explicitly to char-
acterize the C balance, even though wetlands make up only a 
portion of the watershed.
Conversely, watershed-scale models are available to 
assess nutrient and C cycling and are typically applied to 
manage watersheds or basins. The Soil Water Assessment 
Tool (SWAT) is a continuation of models developed by the 
USDA Agricultural Research Service (USDA ARS) (Arnold 
et  al. 2012) designed to simulate hydrology and nutrient 
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loads within a basin. However, it was developed primarily 
for uplands and typically operates at large scales that obscure 
the presence of wetlands. Currently, modifications to SWAT 
that explicitly consider anaerobic soil conditions and shallow 
water tables are being developed. In contrast, the Riparian 
Ecosystem Management Model (REMM), also developed by 
USDA ARS, facilitates assessments of uplands and riparian 
zones, including wetlands and streams, on a small scale. The 
Soil and Water Integrated Model (SWIM) is another semi- 
spatially distributed model capable of assessing the contribu-
tions of wetlands to regional-scale hydrology and nutrient 
cycling (Hatterman et al. 2008).
 Key Findings
• Wetland soil processes are different from those of upland 
soils and inextricably linked to the hydrologic regime of 
the site and the vegetation; hence they are sensitive to 
changes in environmental conditions and management 
regimes. Organic and mineral wetland soils exhibit dis-
tinct physical and chemical properties.
• While wetlands account for a relatively small portion of 
the terrestrial landscape, they provide highly valued eco-
system services that are largely mediated by soil pro-
cesses, including water purification and C sequestration. 
However, these services are dependent on stability of the 
hydrologic regime, so changes in hydrology driven by 
climate, drainage, or other disturbances can eliminate 
key functions and services (e.g., turning peatlands from 
a net C sink to a source). Similarly, changes in the chem-
ical environment (e.g., from air or water pollution) can 
overwhelm or eliminate key services like water 
purification.
• Wetlands are sensitive to changes in temperature, mois-
ture regime, and external inputs, whereby altered soil pro-
cesses and vegetative communities may be expected to 
alter functions and hence ecosystem services.
• Wetland restoration can offset loss of natural wetlands. 
However, functional wetland restoration requires a com-
prehensive assessment of site and environmental condi-
tions as the foundation for an adaptive management plan 
to ensure long-term viability of the system.
 Key Information Needs
• Soil processes of tidal freshwater wetlands, especially 
forests, are not well understood as a result of the com-
plex hydrologic setting mediated by tidal and terrestrial 
processes. This information is important because these 
wetlands are at the interface of the changing sea level 
and commonly occur within rapidly urbanizing regions 
(e.g., southeastern United States). Watershed-scale stud-
ies are needed that focus on the dynamics and transfer of 
organic matter, nutrients, and chemicals through tidal 
freshwater wetlands and the linkages to adjoining 
uplands and tidal waters.
• There is considerable uncertainty whether hydric soil pro-
cesses in restored wetlands are comparable to natural sys-
tems after the establishment phase, thereby providing the 
capacity to provision ecosystem services. This gap exists 
because of the paucity of long-term monitoring data. 
Accordingly, long-term monitoring of restored sites across 
the gradient of common wetland types is warranted.
• Silvicultural drainage systems must sustain functional 
properties of the wetland; however, there are uncertainties 
about the interactions of management regimes, climate, 
and stand development on the functionality of pine planta-
tions in wetlands. Assessment of long-term response of 
soil processes in forested wetlands where silvicultural 
drainage has been used is needed. Opportunities should 
focus on established (>10 years) sites that have some prior 
information from studies or monitoring that could provide 
a foundation for further assessment, with the goal being to 
better understand long-term responses to ensure 
sustainability.
• There is a need for manipulation experiments to assess the 
interactions of management regimes and extreme events on 
wetland soil processes that affect surface water quality. 
Particularly important are systems sensitive to mercury 
methylation, nutrient loading, and burning.
• Although pools of C are important to measure, we need 
more CO2 and CH4 measurements to understand both 
temporal and spatial variation in greenhouse gas fluxes 
and how change (e.g., both land use and climate) is influ-
encing those fluxes.
• The interactions of key wetland ecosystem and soil stress-
ors such as climate change, air pollution, disturbances 
like fire, and land use change may interact in ways that are 
hard to predict and, in combination, could have important 
unforeseen impacts on wetland functions and services. 
This knowledge gap speaks to the need for robust, 
process- based models to better understand uncertainties 
and risks so that management and protective measures 
may be developed. Robust mechanistic models that pre-
dict soil biogeochemical processes in response to chang-
ing environmental conditions and management regimes 
are needed to provide tools for assessing and managing 
ecosystem services.
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